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H I G H L I G H T S G R A P H I C A L  A B S T R A C T

• Co-exposure to PHE and PS-NPs resulted 
in lower toxicity compared to individual 
exposure in zebrafish larvae.

• Higher metabolites concentrations were 
observed in hepatocytes when PS-NPs 
were present in the medium.

• Cell and tissue type-dependent uptake of 
PS-NPs upon co-exposure with PHE.

• The presence of PS-NPs may induce 
synergistic or antagonistic effects.

• Effects may be influenced by agglomer
ation state and free PHE availability.
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A B S T R A C T

Nanoplastic (NPs) pollution is an increasing social concern due to their potential to accumulate in aquatic en
vironments and their ability to penetrate organisms. In addition, they can adsorb toxic chemicals from their 
surroundings and help to transfer them to organisms. This study evaluated the effects of co-exposure of poly
styrene (PS)-NPs and phenanthrene (PHE) on toxicity, accumulation, and metabolization in two fish cell lines 
(zebrafish liver cells and rainbow trout intestinal cells) and in zebrafish. The uptake of PS-NPs was studied by 
cytometry and confocal microscopy while PHE uptake and metabolization was determined by extraction and 
detection of the compound and its major metabolites (hydroxy-phenanthrene, OH-PHEs) by gas chromatography 
coupled to mass spectrometry. Lower uptake of PS-NPs was observed in intestinal cells and zebrafish larvae gut in 
the presence of PHE, but higher uptakes were observed in zebrafish liver cells. Higher concentrations of PHE and 
its metabolites were detected in the presence of PS-NPs. Interestingly, zebrafish larvae experienced lower toxicity 
during co-exposure compared to single exposure. These results indicate that the interaction between PS-NPs and 
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PHE presents a synergistic effect with significant complexity, showing cell-type and tissue dependent ecotoxi
cological effects and suggesting differential pathways of uptake and distribution of these pollutants.

1. Introduction

In recent decades, the abusive production [1], use and release of 
plastics into the environment has become a social, scientific and political 
problem due to the huge environmental and public health consequences 
[2]. Plastic residues in both micrometric (diameter less than 5 mm – 
MPs) and nanometric size (less than 100 nm – NPs; [3], have been found 
in remote sites such as the Antarctica [4], rural waters and forest 
landscapes [5], food and beverages [6], as well as inside organisms and 
aquatic ecosystems [7]. Among all types of plastics, polystyrene (PS) is 
one of the most widely used polymers in different manufactured prod
ucts [8]. With an intermediate density of 0.96–1.05 g/cm3, close to that 
of the water, it is distributed in both surface and bottom waters, making 
it more bioavailable to aquatic organisms [9,10].

Concentrations of micro(nano) plastics (MNPs) in aquatic environ
ments are directly correlated with human density and human activity 
[1]. According to Jambeck et al. [11], the largest contribution of plastic 
into aquatic environments originates from Asian countries (8.82 million 
metric tons/year), well above European countries (0.31 million metric 
tonnes/year). The highest concentration of MPs according to the study 
of Patidar et al. [12] in Asia was 372 ± 14.3 items⋅L− 1 and 9630 ± 2947 
items⋅kg− 1 in water and sediments, respectively. In beach sediments 
from South Africa, 340.7–4757 items⋅m− 2 were found [1]. In general, 
most studies have shown higher densities of MNPs on the seabed in 
coastal areas, with concentrations reaching up to 7700 items⋅km− 2. This 
is followed by floating marine litter at over 600 items⋅km− 2 and, finally, 
beaches with a rate of 1 item/m2 [13]. Although reliable quantification 
methods for NPs are still scarce, it is estimated that their concentration 
could be much higher than that of MPs [14]. Previous studies have 
detected PS-NPs in the range of 0.02–106 items⋅m− 3 in aquatic envi
ronments [15]. Gallego-Urrea et al. [16] measured 107-109 parti
cles⋅mL− 1 by nanoparticle tracking analysis (NTA) in Scandinavian 
waters. In other aquatic environments such as Alpine snow [17] and the 
Atlantic Ocean [18], among others, PS-NPs were quantified in a range of 
10− 9-10− 4 g⋅mL− 1 (106-1011 particles⋅mL− 1 for 100 nm particles) [19].

MNPs may cause adverse effects on organisms and human health 
[20,21], because they easily penetrate biological membranes [22] and 
accumulate inside organisms [23]. However, MNPs are not isolated in 
the environment and, due to their high surface area/volume ratio and 
hydrophobicity, they can easily adsorb other pollutants, such as 
persistent organic pollutants (POPs) [24], facilitating their transport and 
internalisation in different living organisms (Trojan horse effect) [25]. 
Nanoplastics (NPs) have a much higher specific surface area, having a 
higher potential to penetrate biological membranes and to transport 
organic pollutants compared to MPs [26]. Polycyclic aromatic hydro
carbons (PAHs) are ubiquitous in aquatic environments [14], and they 
are adsorbed onto polystyrene MNPs by hydrophobic and π–π in
teractions [27]. These interactions depend on the planar surface and 
spatial arrangement and number of aromatic rings composing the 
structure of PAHs [28]. In phenanthrene, π-π stacking interactions are 
usually slightly predominant, due to its three linear and planar aromatic 
rings, unlike naphthalene [29] or benzo(a)pyrene [30], where hydro
phobic or combined interactions predominate, respectively.

The toxicity of PAHs has been extensively studied and includes 
oxidative stress, endocrine disruption, carcinogenicity and genotoxicity 
[31,32]. Phenanthrene (PHE), is one of the most common PAHs found 
inside marine organisms [33] and is often used as a model for studying 
uptake and metabolism of small PAHs [34]. The range of PHE concen
trations reported by Peng et al. [35] in aquatic environments was be
tween 153 ng⋅L− 1 and 1460 µg⋅L− 1. Wu et al. [36] reported that PHE 
exposure concentrations in freshwaters in China range from 45.01 to 

379.28 μg⋅L− 1 and Miura et al. [37] found concentrations of 
125–375 pg⋅m− 3 PHE in the Pacific Ocean.

Most studies indicate that pollutant toxicity increases when com
bined with MNPs, with particular emphasis on pollutant uptake. How
ever, few studies analyse how MNPs, interact with environmental 
pollutants and affect ecosystems and organisms beyond their general 
toxicity. Invertebrate models such as Daphnia (D. magna and D. pulex) 
and vertebrate models such as zebrafish, are commonly used to study the 
ecotoxicological effects of MNPs in the aquatic environment [20,38]. 
This work aims to investigate the interaction between polystyrene 
nanoplastics (PS-NPs) and PHE, to gain a better understanding of their 
impact on biological systems, specifically on the uptake and metabolic 
processes that occur when both substances coexist. In this regard, two in 
vitro models, each representing cells with different biological and 
functional backgrounds (i.e. zebrafish liver cells; ZFL, and rainbow trout 
intestinal cells; RTgutGC), were used. Each one representative of a cell 
type relevant for absorption (gut cells) and detoxification (liver cells).

In addition, to further understand the interaction and metabolisms of 
PHE and PS-NP combination in vivo we used zebrafish (Danio rerio) 
larvae. The absorption of PS-NPs was studied by fluorescence tech
niques, whereas PHE uptake and metabolization was determined by 
extraction and detection of the compound and its major metabolites 
(hydroxy-phenanthrene, OH-PHEs) by gas chromatography coupled to 
mass spectrometry.

2. Materials and methods

2.1. Nanoplastics and chemicals

Fluorescently labelled PS-NPs (42 nm - ref. FSDG001 Dragon Green) 
and non-labelled PS-NPs (44 nm - ref. PS02002) were purchased from 
Bang Laboratories (Fisher, IN, USA). PS-NPs were provided as a 1 % (w/ 
w) suspension in water with 2 mM NaN3. The characterization of NPs in 
different conditions (pure water, PBS, cell culture medium and embryo 
medium) was performed in a previous study [23]. Individual solid 
standard of PHE, fluorene (FLU), 1-OH-PHE, 2-OH-PHE, 3-OH-PHE, 
4-OH-PHE and 9-OH-PHE were supplied by Sigma Aldrich (Madrid, 
Spain).

2.2. Preparation of PS-NPs solutions with sorbed PHE (NPs-PHE)

PS-NPs and PHE dilutions were prepared by mixing the corre
sponding volumes of PS-NPs in PBS and PHE in methanol (MetOH, 
Scharlab) and then further diluted in culture medium (Dulbecco’s 
modified Eagle’s medium [DMEM] for ZFL and Leibovitz medium L-15 
for RTgutGC; see Section 2.3) or E3 medium (see Section 2.8) for 
zebrafish larvae, to obtain the final concentrations in the experiments. 
The concentration of methanol present in each solution was less than 
1 % for all conditions studied. For flow cytometry and confocal micro
scopy fluorescent PS-NPs were used. For MTT (3-(4,5-dimethylthiazol-2- 
yl)-2,5-diphenyltetrazolium bromide, Sigma-Aldrich) viability assays 
and PHE absorption and metabolization assays, non-fluorescent PS-NPs 
were used. All solutions were carried out in sealed glass vials and sub
sequently incubated for 24 h in the dark at 25 ºC with horizontal rotary 
shaking (120 rpm).

Table 1 shows the solutions prepared for the different experiments, 
listing the individual concentrations of PS-NPs and PHE used both 
independently and in their combined exposure. Concentrations of PS- 
NPs were selected in a way that did not cause toxicity on individual 
exposures according to previous studies [17,31], (i.e. 10, 25 and 
50 mg⋅L− 1 PS-NPs; 1–5⋅1011 particles⋅mL− 1). These levels are within or 
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close to the range of concentrations reported in the environment, such as 
those previously reported, thereby ensuring environmental relevance 
despite ongoing challenges in detecting and quantifying nanoplastics in 
situ. Sendra et al. [40] used 10 mg⋅L− 1 PS-NPs as environmentally 
relevant concentration in surface water and in agreement with other 
ecotoxicological studies with NPs in aquatic organisms. Regarding PHE, 
the concentrations applied in our assays (resulting in freely dissolved 
concentrations between 0.12 and 0.79 mg⋅L− 1; see Table 2 and Sup
plementary Information) remain below its aqueous solubility limit 
(0.82 mg⋅L− 1; 4.6 μM [41]) and were selected to ensure surface satu
ration of PS-NPs [26,42]. Importantly, these PHE exposure levels are 
consistent with concentrations found in natural aquatic environments, 
which range from 45.01 to 379.28 μg⋅L− 1 in freshwaters in China [36]
and up to 1460 μg⋅L− 1 as reported by Peng et al. [35]. While some 
experimental concentrations approach the upper end of environmental 
values, they remain within ecologically realistic scenarios, especially in 
polluted or urban-impacted environments, which are increasingly rele
vant for assessing combined pollutant effects.

2.3. Cell culture

ZFL cells (CRL-2643, American Type Culture Collection, ATCC) were 
cultured at 28◦C, in humidified air atmosphere and 5 % CO2 in Dul
becco’s modified Eagle’s medium (DMEM; 4.5 g⋅L− 1 glucose, supple
mented with 10 % (v/v) heat-inactivated fetal bovine serum (FBS), 5 % 
(v/v) antibiotic/antimycotic solution, 0.01 mg⋅mL− 1 insulin, 
50 ng⋅mL− 1 Epidermal Growth Factor (EGF) and 0.5 % (v/v) heat 
inactivated trout serum (TS), as described in Torrealba et al. [43]. 
RTgutGC cells (obtained from Dr. C. Tafalla’s laboratory) were cultured 
at 20◦C in Leibovitz’s L-15 Medium GlutaMAX™ without CO2, supple
mented with heat-inactivated FBS 10 % (v/v) and 1 % anti
biotic/antimycotic [44]. Subconfluent cultures were detached by adding 
TrypLE Express (Gibco) for 5 min. All experiments were performed with 
phenol red-free culture media to avoid any potential phenol red inter
ference [45,46].

2.4. PHE + PS-NPs cytotoxicity studies in ZFL and RTgutGC cells

The toxicity of PHE in the presence of PS-NPs was assessed using the 
MTT assay. ZFL and RTgutGC cells were incubated with 2, 5, 10, 25 and 
50 mg⋅L− 1 and 1, 2, 5, 10, and 25 mg⋅L− 1 of PHE, respectively, and in 
combination with 10 mg⋅L− 1 and 50 mg⋅L− 1 of PS-NPs (Table 1, solu
tions prepared according to Section 2.2). Cells were incubated for 24 and 
72 h, then washed with PBS and the MTT (Sigma-Aldrich) was added at 
10 % of the total volume at a final concentration of 0.5 mg⋅mL− 1 and 
incubated for 30 min. After incubation, the MTT solution was removed, 
the formazan crystals were dissolved in dimethylsulfoxide (DMSO) and 
the absorbance quantified at 550 nm on a Victor3 Plate Reader (Perki
nElmer). Data were normalized to control readings set at 100 %. A one- 

way ANOVA was performed comparing treatment and control means 
using Prism software (GraphPad). Three independent assays were car
ried out using the same conditions.

In addition, cell viability in ZFL cells was tested with BD Via-Probe™ 
Red Nucleic Acid Stain by flow cytometry. For this, cells were subjected 
to similar conditions as those in the MTT trial and subsequently de
tached with TrypLE Express (Gibco) and sedimented by centrifugation at 
300 ×g for 5 min. Cell pellets were resuspended in PBS and 0.5 µL of BD 
Via-Probe™ Red reagent (5 µM) was added. A total of 10000 events were 
recorded by flow cytometry (CytoFLEX Beckman Coulter, Inc.) and data 
analysed using Flowing Software 2.5.1 (University of Turku, Finland).

2.5. Uptake of PS-NPs in the presence of PHE. Cytometry and confocal 
microscopy

The uptake of fluorescent PS-NPs at 10 and 50 mg⋅L− 1 (non-toxic 
concentrations) was assessed in ZFL cells under different concentrations 
of phenanthrene (0, 2, 5, 10, 25 and 50 mg⋅L− 1) during 24 and 72 h 
(Table 1). PS-NPs-PHE solutions were prepared according to Section 2.2. 
After treatment, cells were detached with TrypLE Express during 5 min 
and cells were retrieved by centrifugation at 300 x g for 5 min. Pellets 
were resuspended in PBS for flow cytometry (FACSDiscover S8 Cell 
Sorter with CellView, BD), and 10,000 events were counted. In addition 
to the uptake and Mean Fluorescence Intensity (MFI), the imaging 
technology of the cell sorter was used to analyse some conditions 
(50 mg⋅L− 1 PS-NPs vs 50 mg⋅L− 1 PS-NPs + 25 mg⋅L− 1 PHE). In the same 
way, internalization was measured in RTgutGC cells at 25 mg⋅L− 1 PS- 
NPs in combination with 0, 10 and 25 mg⋅L− 1 PHE to observe differ
ences in the response of enterocytes after 72 h of exposure. Previous 
study reported higher internalisation rates in RTgutGC compared to ZFL, 
thus lower PS-NPs concentrations (i.e. 25 mg⋅L1) were selected to avoid 
saturation of the control image [39].

To confirm that the fluorescence observed by cytometry was due to 
the PS-NPs accumulated inside the ZFL cells and not merely attached to 
the cell membrane surface, confocal microscopy (Zeiss LSM 700) was 
performed. ZFL cells were seeded on 35 mm ibidi glass-bottom plates 
and when 60 % confluence was reached, cells were treated with 
25 mg⋅L− 1 PS-NPs and 25 mg⋅L− 1 PS-NPs + 25 mg⋅L− 1 PHE for 24 h. 
Cells were stained with Hoechst (nuclei) and Cell Mask Deep Red 
(membrane) (Life Technologies). Images were analysed with Imaris v9.3 
(Bitplane) and ImageJ (National Institute of Health, USA) software.

2.6. Bioaccumulation and metabolization of PHE: cell and medium 
extraction and determination by GC-MS

Methodologies for exposure, extraction, derivatization, separation, 
and detection, previously developed and validated [47,48] were 
employed in the current study for ZFL and RTgutGC cell lines. In the case 
of RTgutGC cells, although a formal method optimization has not been 

Table 1 
Experimental details of PS-NPs and PHE concentrations and study times for each experiment performed.

Evaluation Organism Determination PS-NPs Fluorescent 
Label

Conc. PS-NPs 
(mg⋅L¡1)

Conc. PHE (mg⋅L¡1) Exposure 
time

Toxicity ZFL MTT No 0, 10 and 50 0, 2, 5, 10, 25 and 50 24 and 72 h
RTgutGC MTT No 0, 10 and 50 0, 1, 2, 5, 10 and 25 24 and 72 h
ZF larvae Dose-response No 0 and 5 0, 0.001, 0.01, 0.05, 0.1, 0.2, 

0.4 and 0.6
24 h

Uptake of PS-NPs ZFL Flow cytometry Yes 0, 10 and 50 0, 2, 5, 10, 25 and 50 24 and 72 h
Confocal 
microscopy

Yes 0 and 25 0 and 25 24 h

RTgutGC Flow cytometry Yes 0, 10 and 25 0, 10 and 25 72 h
ZF larvae Fluorescence 

image
Yes 0 and 5 0 and 0.05 48 h

Bioaccumulation and 
biotransformation of PHE

ZFL GC-MS No 0, 10 and 50 0, 10, 25 and 50 0, 24 and 72 h
RTgutGC GC-MS No 0, 10 and 50 0, 10 and 25 0, 24 and 72 h
ZF larvae GC-MS Yes 0 and 5 0, 0.01, 0.05 and 0.1 24 h
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published, extraction procedures followed the same protocol, and spiked 
samples were included in each extraction batch to assess recovery, 
which yielded consistently high recovery rates. ZFL and RTgutGC cells 
were treated with 10, 25 and 50 mg⋅L− 1 PHE and 10 and 25 mg⋅L− 1 PHE, 
respectively, in combination with 10 and 50 mg⋅L− 1 PS-NPs (Table 1). 
After 24 and 72 h, the cell media and the cell pellets were collected 
including initial medium (0 h). For the determination of PHE and its 
metabolites, the cell pellets were divided into 2 fractions, dried under 
nitrogen stream and weighted. All samples were stored at − 20 ºC until 
analysis.

For PHE quantification, half of the obtained pellets (~10 mg for ZFL 
cells and ~5 mg for RTgutGC cells) were extracted with 500 μL of 
hexane and sonicated with an ultrasound probe (Vibra cell VCx130, 
2 mm diameter titanium microtip, 130 W high frequency generator at 20 
KHz from Sonics & Materials Inc. USA), for 1 min at 30 % amplitude and 
an on/off:2 s/5 s pulse. For medium extraction (500 μL) a liquid-liquid 
extraction was performed with 500 μL of hexane and vortexed for 1 min. 
The extraction mixture was centrifuged for 10 min at 13,000 x g and the 
organic extract was measured by gas chromatography (Agilent Tech
nologies Mod. 7890 A Series) coupled to mass spectrometry (HP 5975 C 
VL MSD) (GC-MS). Internal standard (fluorene, FLU) was previously 
added to the extraction step. Samples (1 μL) were injected in splitless 
mode at 280 ºC with Helium at a constant pressure of 25 psi. The tem
perature of the column (ZB-5 capillary column 30 m × 0.25 mm I.D., 
0.25-μm film thickness) was programmed to increase from 90 ºC (1 min) 
to 250 ºC (1 min) at a rate of 70 ºC⋅min− 1 and then to 270 ºC (1 min) at 
40 ºC⋅min− 1. The temperature of the ion source and the transfer line of 
the mass spectrometer was set at 250 and 270 ºC, respectively, and 70 eV 
for the electron beam. The other half of the pellet obtained and 500 μL of 
medium was used for OH-PHEs (1-OH, 2-OH, 3-OH, 4-OH and 9-OH- 
PHE) quantification.

Finally, after quantification of the total PHE concentration in the 
medium (Cmed), the bioavailable concentration (Cfree) was determined 
using mass balance models (MBM) to relate it to the concentration inside 
the cells (Ccell) and thus to estimate the bioconcentration factor (BCF) at 
each exposure time (BCF24 h, BCF72 h). Data analysis for Cfree and BCF 
determination is described in the supplementary information as 

developed in De Oro and Sanz 2024 [48].

2.7. Zebrafish husbandry and breeding

Wild-type zebrafish (Danio rerio) were housed in a recirculating 
aquarium system and maintained at 28 ± 1 ◦C with a 12-hour light:dark 
photoperiod. Adult fish were fed twice daily with 2 % body weight. 
Ammonia, nitrite, pH, and nitrate levels were monitored daily. 
Ammonia was kept below detectable limits; nitrate concentrations did 
not exceed 100 mg⋅L− 1 and the pH was maintained between 6.8 and 7.5. 
For breeding, one female and three males were placed in a breeding tank 
in the late afternoon, and embryos were collected the following morn
ing. Fertilized eggs were collected, extensively washed with water and 
placed in petri dishes in E3 medium. Unfertilized and dead embryos 
were separated from viable ones with a plastic pipette (Deltalab). All 
zebrafish experiments complied with the International Guiding Princi
ples for Research Involving Animals (EU 2010/63) and received prior 
approval from the Ethics Committee of the Universitat Autònoma de 
Barcelona (UAB, CEEH number 1582).

2.8. PHE and PHE + PS-NPs toxicity in Zebrafish larvae

Zebrafish larvae were exposed to different nominal concentrations of 
PHE in the presence or absence of PS-NPs. Control animals were incu
bated in E3 medium (5 mM NaCl, 0.17 mM KCl, 0.33 mM CaCl2, 
0.33 mM MgSO4 and 0.1 % methylene blue) and the percentage of 
MetOH used as vehicle. Groups of 24 larvae (n = 48 per condition) were 
distributed on 96-well plates (Thermo Fisher) with one larvae per well 
containing 200 μl E3 medium or PS-NPs at 5 mg⋅L− 1; alone, or in com
bination with PHE at concentrations of 1, 10, 50, 100, 200, 400 and 
600 µg⋅L− 1, pre-incubated for 24 h (Table 1). Mortality data was 
recorded 24 h post-treatment and analysed with GraphPad software 
with a logistic dose-response model to fit the data and to estimate the 
LC50 value.

Table 2 
Medium (Cmed) and cell (Ccell) concentration determined experimentally and free concentration (Cfree) estimated by MBM.

Cell line ZFL RTgutGC

Treatment conditions Cmed 

(mg⋅L¡1)
Cfree 

(mg⋅L¡1)
Ccell 

(mg⋅kg¡1)
BCF 
(L⋅kg¡1)

Cmed 

(mg⋅L¡1)
Cfree 

(mg⋅L¡1)
Ccell 

(mg⋅kg¡1)
BCF 
(L⋅kg¡1)

10 mg/L PHE (0 h) 11 0.18 - - 15 0.28 - -
10 mg/L PHE (24 h) 6 0.09 6 59 9 0.16 2 15
10 mg/L PHE (72 h) 9 0.15 7 49 8 0.15 3 18
10 mg/L PHE + 10 mg/L PS-NPs (0 h) 11 0.19 - - 14 0.25 - -
10 mg/L PHE + 10 mg/L PS-NPs (24 h) 7 0.12 4 34 10 0.17 16 82
10 mg/L PHE + 10 mg/L PS-NPs (72 h) 9 0.15 5 33 11 0.20 14 72
10 mg/L PHE + 50 mg/L PS-NPs (0 h) 11 0.19 - - 13 0.24 ​ ​
10 mg/L PHE + 50 mg/L PS-NPs (24 h) 8 0.14 5 38 10 0.18 7 37
10 mg/L PHE + 50 mg/L PS-NPs (72 h) 13 0.22 6 26 11 0.20 9 44
25 mg/L PHE (0 h) 25 0.43 - - 29 0.53 - -
25 mg/L PHE (24 h) 12 0.20 29 141 13 0.23 6 26
25 mg/L PHE (72 h) 11 0.19 27 146 12 0.22 4 17
25 mg/L PHE + 10 mg/L PS-NPs (0 h) 23 0.38 - - 24 0.44 - -
25 mg/L PHE + 10 mg/L PS-NPs (24 h) 17 0.29 32 111 20 0.36 45 126
25 mg/L PHE + 10 mg/L PS-NPs (72 h) 14 0.24 27 113 16 0.30 41 138
25 mg/L PHE + 50 mg/L PS-NPs (0 h) 27 0.46 - - 28 0.51 - -
25 mg/L PHE + 50 mg/L PS-NPs (24 h) 16 0.28 37 133 24 0.44 64 145
25 mg/L PHE + 50 mg/L PS-NPs (72 h) 14 0.24 24 101 23 0.43 72 169
50 mg/L PHE (0 h) 46 0.78 - - ​ ​ ​ ​
50 mg/L PHE (24 h) 19 0.33 139 423 ​ ​ ​ ​
50 mg/L PHE (72 h) 18 0.31 118 378 ​ ​ ​ ​
50 mg/L PHE + 10 mg/L PS-NPs (0 h) 47 0.79 - - ​ ​ ​ ​
50 mg/L PHE + 10 mg/L PS-NPs (24 h) 20 0.34 223 665 ​ ​ ​ ​
50 mg/L PHE + 10 mg/L PS-NPs (72 h) 18 0.30 162 532 ​ ​ ​
50 mg/L PHE + 50 mg/L PS-NPs (0 h) 48 0.75 - - ​ ​ ​ ​
50 mg/L PHE + 50 mg/L PS-NPs (24 h) 28 0.47 386 826 ​ ​ ​ ​
50 mg/L PHE + 50 mg/L PS-NPs (72 h) 21 0.36 150 722 ​ ​ ​ ​
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2.9. Uptake of PS-NPs in presence of PHE in Zebrafish Larvae

Groups of four larvae (72 h post fertilization, hpf) per treatment were 
distributed on 96-well plates (Thermo Fisher) and immersed in 200 μL of 
E3 medium with PHE (50 μg⋅L− 1) and PS-NPs (5 mg⋅L− 1) (Table 1). 
Biodistribution in zebrafish larvae was evaluated after 48 h using a 
fluorescence stereomicroscope (Nikon SMZ800) coupled with a camera 
(Nikon DS-Fi2). Fluorescence was quantified using ImageJ software 
1.53 t and expressed as Mean Fluorescence Intensity (MFI) normalized 
by the larvae area. The experiments were repeated 3 times (n = 12).

2.10. Bioaccumulation of PHE in presence of PS-NPs in Zebrafish Larvae

Groups of 9–12 larvae, depending on hatching and survival, were 
exposed to 10, 50 and 100 µg⋅L− 1 PHE in combination with 5 mg⋅L− 1 PS- 
NPs, respectively, for 24 h (Table 1). Larvae of each condition were then 
washed with fresh medium and stored in the same vial at − 20 ◦C until 
analysis. The methodology and analytical equipment used for the 
determination of PHE inside larvae was the same as that used in Section 
2.6 except for the ultrasound probe (1 min at 40 % amplitude and an on/ 
off:1 s/s pulse, [49]).

2.11. Statistical analysis

Analysis of variance (ANOVA) was performed using Prism 8.01 

software (GraphPad Prism) to assess significant differences among the 
results. A 95 % confidence level was applied in all analyses; thus, dif
ferences were considered statistically significant when the p-value was 
less than 0.05.

3. Results

3.1. PHE toxicity in the presence of PS-NPs in ZFL and RTgutGC cells

Analysis of viability using the MTT assay revealed that ZFL cells 
remained viable under all experimental conditions and doses of PS-NPs 
and PHE (Fig. 1), while no significant changes in viability were observed 
in cells only exposed to PS-NPs (10 mg⋅L− 1 and 50 mg⋅L− 1) or MetOH 
(Fig. 1a and b). However, a decrease in viability was observed in ZFL 
cells exposed to 50 mg⋅L− 1 PHE + 10 and 50 mg⋅L− 1 PS-NPs for 72 h, 
with cell viability dropping to 78 % and 69 % (Fig. 1b), although these 
differences remained below the threshold for significance. Similarly, 
when we used Vita-Probe staining to assess viability by flow cytometry, 
no significant differences were observed in ZFL cells exposed to either 
PHE or PS-NPs. But as for MMT results, ZFL cells exposed to 50 mg⋅L− 1 

PHE + 50 mg⋅L− 1 PS-NPs exhibited a significant decrease in viability 
down to 75 % at 24 h and 71 % at 72 h (Figure S1).

On the other hand, a more pronounced decrease in RTgutGC cell 
viability was observed in the MTT assay after 72 h of combined exposure 
to either 10 or 25 mg⋅L− 1 PHE + 50 mg⋅L− 1 PS-NPs, with viability 

Fig. 1. Cell viability of ZFL and RTgutGC cells when exposed to PHE or PHE + PS-NPs (10 mg⋅L− 1 and 50 mg⋅L− 1). a) ZFL cells for 24 h, b) ZFL cells for 72 h, c) 
RTgutGC cells for 24 h and d) RTgutGC cells for 72 h. Significance levels *p < 0.05.
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significantly dropping to 80 and 71 %, respectively (Fig. 1c and d). 
Again, no significant changes in viability were observed in the cells only 
exposed to PS-NPs (10 mg⋅L− 1 and 50 mg⋅L− 1) or MetOH (Fig. 1c and d).

3.2. Uptake of PS-NPs in ZFL and RTgutGC cells in the presence of PHE

The uptake of PS-NPs in the presence of different concentrations of 
PHE in two different cell types was evaluated by flow cytometry. We 
observed an increase in the percentage of fluorescent cells from 16.0 % 
to 53.5 % in ZFL cells exposed to 10 and 50 mg⋅L− 1 PS-NPs at 24 h 
(Fig. 2a). When the cells were exposed to PS-NPs + PHE (25 mg⋅L− 1), a 
strong increase in the percentage of fluorescent cells and the total 
fluorescent signal intensity (MFI) was observed (Fig. 2a). Furthermore, 
as shown in Figure S2, it was observed that the percentage of fluorescent 
cells increased progressively with rising concentrations of PHE at both 
24 h and 72 h after exposure to 50 mg⋅L− 1 PS-NPs. However, in the case 
of 10 mg⋅L− 1 PS-NPs, the percentage of fluorescent cells was constant 
(1–5 %) until exposure to 10 mg⋅L− 1 PHE, with a subsequent significant 
increase after exposure to higher concentrations of PHE (25 and 
50 mg⋅L− 1), reaching percentages of 15 and 75 % (p = 0.0019) at 24 h 
and 79 (p < 0.0001) and 89 % (p < 0.0001) at 72 h. Therefore, for the 
following experiments we decided to test 10, 25, and 50 mg⋅L− 1 PHE. 
Uptake was also confirmed by flow cytometry imaging (Fig. 2b) and 
confocal microscopy (Fig. 2c), along with the internalization of PS-NPs 
in the presence of PHE (Fig. 2d). In contrast, as reflected by the values in 
Fig. 2e and confirmed by flow cytometry imaging in Fig. 2 f, RTgutGC 
cells show a higher percentage of fluorescent cells (70–80 %) than ZFL 
cells at both 10 and 25 mg⋅L− 1 PS-NPs. Moreover, as the concentration 
of PHE in the medium increased, the MFI decreased (Fig. 2e).

3.3. Bioaccumulation and metabolization of PHE in ZFL and RTgutGC 
cells in presence of PS-NPs

The PHE concentrations inside ZFL and RTgutGC cells (Ccell) and in 
their culture media (Cmed) at the different exposure scenarios and times 
(24 h and 72 h) are shown in Table 2. Bioavailable free concentration 
(Cfree) was determined from Cmed by MBM as explained in supporting 
information and BCF (Ccell/Cfree) was estimated at each exposure time 
and condition (Table 2). As for internal PHE uptake, both hepatocytes 
and enterocytes show a rapid stabilization of PHE concentration, 
reaching constant values at 24 and 72 h in almost all conditions 
(Figure S3). In addition, hepatocytes exhibited a higher tendency to 
internalize and bioaccumulate PHE compared to intestinal cells when 
exposed solely to PHE. In contrast, when PHE was combined with PS- 
NPs, higher concentrations and BCF values were observed in RTgutGC 
cells compared to ZFL cells. When examining the cell lines separately, an 
increase in PHE uptake and bioaccumulation was observed in RTgutGC 
cells when exposed in combination with PS-NPs, compared to PHE 
alone. In ZFL cells, similar or even lower values of uptake and BCF were 
observed when PHE was combined with PS-NPs. Fig. 3 shows the con
centrations of the main PHE metabolites (1-OH, 2-OH, 3-OH, 4-OH and 
9-OH-PHE) found in ZFL cells at 10 mg⋅L− 1 of PHE, showing that con
centration of these metabolites increased over the exposure time. In 
addition, higher concentrations of PHE metabolites were detected when 
higher concentrations of PS-NPs were present in the medium. The same 
trend was observed in the experiments at 25 and 50 mg⋅L− 1 PHE 
(Figure S4). In contrast, no metabolites were detected in RTgutGC cells.

3.4. PHE and PHE + PS-NPs toxicity in zebrafish larvae

We evaluate whether the presence of PS-NPs may modify the toxicity 
of PHE in vivo using zebrafish larvae. Groups of 48 larvae were incubated 
with PHE at different concentrations in the absence and presence of PS- 
NPs. From the experimental data, we estimated the LC50 of PHE to be 
331.8 µg⋅L− 1 while that of PHE with PS-NPs was 489.9 µg⋅L− 1 (Fig. 4). 
The LC50 values were determined by plotting the 24 h survival 

percentage against the logarithm of PHE concentrations using GraphPad 
Prism. A non-linear regression analysis was performed using a sigmoidal 
dose-response (variable slope) model to fit the data and calculate the 
LC50, which corresponds to the concentration of PHE that causes 50 % 
mortality in the zebrafish larvae.

3.5. Uptake of PS-NPs by zebrafish larvae in the presence of PHE

Representative images of PS-NPs uptake in larvae incubated 48 h 
with PS-NPs or PS-NPs combined with PHE in E3 medium are shown in 
Fig. 5a. The fluorescent PS-NPs accumulate in the digestive tract 
(Fig. 5a) both in the presence or absence of PHE. However, the MFI 
accumulated in the zebrafish larvae in the presence of PHE was signif
icantly lower (p = 0.0402) (Fig. 5b).

3.6. Uptake of PHE in zebrafish Larvae in presence of PS-NPs

Fig. 5c shows the PHE concentrations inside the larvae (Clarvae) and 
the BCF (L⋅kg− 1) estimated as the ratio of Clarvae to the PHE nominal 
concentration of the different exposure scenarios. The concentrations 
were normalized according to the number of larvae and the weight of a 
larvae (0.44 mg, [49]). For all PHE concentrations studied, higher PHE 
concentrations were observed inside the larvae when exposed in com
bination with PS-NPs. However, this difference was not statistically 
significant.

4. Discussion

Many studies have demonstrated the synergistic toxicity of micro- 
and nanoplastics (MNPs) with organic compounds such as phenanthrene 
in different organisms [14,32,50]. On the other hand, other studies have 
reported the ‘Trojan horse effect’ [51] where MNPs act as entry vectors 
for organic compounds attached to their surface. In this study, we 
combined discussions of the results on toxicity, absorption and metab
olization of PS-NPs and PHE to further explain the observed effects in 
fish cells lines with different functional backgrounds (liver cells and gut 
cells) and in living zebrafish larvae.

4.1. Cell and tissue type-dependent effects on PS-NPs and PHE co- 
exposure

The toxicity results in ZFL and RTgutGC cells indicated an increase in 
toxicity when PS-NPs and PHE were combined (Fig. 1). Katsumiti et al. 
[52] exposed Mytilus galloprovincialis hemocytes to 50 nm PS-NPs 
(102–1012 particles⋅mL− 1) and benzo(a)pyrene (BaP, 250 µg⋅L− 1) and 
reported that PAH alone had a higher toxicity (50 %) compared to the 
mixture, but this was observed at lower PS-NPs concentrations (ranging 
from 1011-1012 particles⋅mL− 1) than in this study. At a concentration of 
1012 particles⋅mL− 1, the mixture showed slightly higher toxicity (10 %) 
than individual compounds. Wang et al. [32] reported a 5–10 % increase 
in the mortality of hematocytes (Mytilus coruscus) when exposed to a 
mixture of NPs (30 µg⋅L− 1 and 70 nm) and PHE (5, 50 and 500 µg⋅L− 1) 
compared to the exposure without NPs. Sun et al. [50] found that cell 
viability of coelomocytes of the earthworm Eisenia fetida under com
bined exposure to higher concentrations of BaP (150 µg⋅L− 1) and PS-NPs 
(7.5 mg⋅L− 1 and 100 nm) was lower than that under single exposure, but 
not very significant (81 % of viability, compared to 82 % of only PS-NPs 
or 85 % of BaP). In general, a slight increase (no more than 10 %) in the 
toxicity of mixtures of NPs and PAHs is observed, especially at high 
concentrations of NPs consistent with the data from our experiments. 
Notably, the combined effects were either additive or antagonistic, 
suggesting that MNPs do not universally enhance but occasionally 
mitigate the toxic effects of PAHs [53].

In this study, although individual exposure to the two tested con
centrations of PS-NPs showed no toxicity, a synergistic effect was 
observed when PS-NPs and PHE were combined, which increased at 
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Fig. 2. (a, e): Uptake of fluorescently labelled PS-NPs by ZFL or RTgutGC cells. (a) Uptake in ZFL (e) Uptake in RTgutGC cells. (b, f): Individual images of ZFL (b) and 
RTgutGC (f) cells obtained from single exposure of PS-NPs versus co-exposure with PHE. (c, d): 2D (c) and 3D (d) confocal microscopy images of PS-NPs exposed 
individually or with PHE in ZFL cells. Green fluorescence corresponds to PS-NPs; blue and magenta to Hoechst-stained nuclei (N) and Cell Mask-stained plasma 
membrane, respectively.
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higher PS-NPs concentrations. This suggests a ‘Trojan horse effect’ 
where PS-NPs facilitate the PHE uptake, leading to higher toxicity. 
Nevertheless, PHE uptake results (Table 2), indicate that only RTgutGC 
cells showed higher accumulation of PHE (both in concentration and 
BCF value) when co-exposed with PS-NPs. When ZFL cells were exposed 
to PHE in combination with PS-NPs, lower concentrations of PHE and 
BCF were obtained, although they have a greater tendency than 
RTgutGC cells to accumulate PHE. Several studies [10,22,25], have re
ported higher PAH accumulation in single exposures compared to 
co-exposure with MNPs in different organisms. Narayanan et al. [14]
analysed the zeta potential and hydrodynamic radius of NPs with and 
without PAHs, finding that PS-NPs adsorption of contaminants increased 
negative charges and hydrodynamic size. This suggests that PAH 
adsorption onto PS-NPs, may reduce PAH concentration in organisms 
such as microalgae. Another study, using molecular dynamics simula
tions examined PS-NPs and BaP uptake by dipalmitoylphosphati
dylcholine (DPPC) bilayers. The findings showed that PS-NPs adsorb and 
accumulate BaP in water, facilitating its transport into the bilayer. 
Additionally, the adsorbed BaP enhanced PS-NP penetration into the 
DPPC bilayer through hydrophobic interactions [30]. The different 
functionalities and uptake dynamics of each cell type must be consid
ered. Intestinal cells have a higher PS-NPs uptake capacity than ZFL as 
observed by flow cytometry and discussed below, however, this was not 
the case in the presence of PHE in the medium. Therefore, the higher 
concentration of PHE observed in RTgutGC cells in the presence of 
PS-NPs, compared to ZFL cells, cannot be attributed to an increased 
hydrodynamic radius that would prevent ZFL cells from internalizing 
PS-NPs with adsorbed PHE. Hepatocytes have an increased capacity to 
metabolise and detoxify xenobiotics and it is well known that aquatic 

organisms such as fish rapidly biotransform PAHs via cytochrome P450 
(CYP1A) [54], playing a crucial role in reducing bioaccumulation [55]. 
In this study, higher concentrations of the major PHE metabolites were 
detected when ZFL cells were exposed to PHE in combination with 
higher concentrations of PS-NPs (Figure 3 and S4), which may explain 
the lower concentration of PHE found inside the cell. Rehman et al. [56]
noted alterations in metabolic pathways when zebrafish were exposed to 
NPs and Li et al. [53] reported that co-exposure of MPs and PHE caused 
changes in metabolic profiles and pathways in zebrafish larvae. Martí
nez-Alvarez et al. [10] observed an increase in cyp1a (CYP450) levels in 
adult zebrafish when exposed to MPs but this did not occur when 
exposed in combination with BaP because it was too low concentration 
for effective bioaccumulation to activate biotransformation. Gene 
expression studies by Vazirzadeh et al. [57] also reported a clear asso
ciation between the level of MPs and increased expression of liver en
zymes such as glutathione S-transferase (GST) and CYP450, which are 
responsible for detoxifying pollutants such as PHE.

On the other hand, the focus has always been on the uptake of pol
lutants due to the presence of MNPs and few studies focus on the 
opposite effect. In this study, the uptake in ZFL cells increased in both 
cell number and intensity as there was a higher concentration of PHE in 
the medium (Fig. 2). This may be because free-form PHE caused damage 
to the cell membrane [58], allowing greater entry of PS-NPs. Another 
study measured the plasma membrane integrity of mussel hemocytes 
exposed to 50 nm PS-NPs and BaP and reported a significant descent of 
viability (membrane integrity) when exposed to the organic contami
nant alone in comparison with the mixture with PS-NP [52]. This syn
ergistic effect leads to a higher quantity of PS-NPs and a higher quantity 
of PHE attached to these PS-NPs, which we could observe in the case of 

Fig. 3. Concentration of PHE metabolites when exposed to nominal 10 mg⋅L− 1 PHE with or without 10 mg⋅L− 1 or 50 mg⋅L− 1 PS-NPs in ZFL cells at 24 h and 72 h. 
Significance levels *p < 0.05 (no significant data).

Fig. 4. (a) Survival of PHE treated zebrafish larvae or PHE plus PS-NPs (n = 24). (b) Probit analysis of LC50 values of PHE and PHE with 5 mg⋅L− 1 PS-NPs at nominal 
concentrations on zebrafish larvae 24 h after exposure.
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liver cells through the Trojan horse effect. However, the opposite effect 
was observed for RTgutGC cells, i.e. less PS-NPs in the presence of PHE, 
although RTgutGC cells have a greater tendency to uptake PS-NPs than 
ZFL cells. This may be due to the different functionalities and mecha
nisms of action and absorption of hepatocytes and enterocytes. ZFL cells 
are hepatocytes expressing specific xenobiotic membrane receptors such 
as the aryl hydrocarbon receptor (AhR), which plays an important role 
in the control of PAH metabolism [59], that may lead to a better entry of 
PS-NPs with PHE attached than in enterocytes. This difference of 
behavior between different types of cells has been also observed by 
Wang et al., 2024 [32]. They found that hemocytes, a type of immune 
cells, exhibited higher sensitivity to pollutant-induced oxidative stress 
compared to the gills, which exhibit greater resistance to this type of 
stress. This difference in sensitivity may be attributed to the gills’ lower 
metabolic activity or their reduced uptake of pollutants compared to 
hemocytes. Moreover, another important aspect is the internalization 
mechanism according to the cell type and size of the NPs [60,61]. 
Ramsperger et al. [62] suggested that active endocytosis plays a crucial 
role for larger plastic particles and that smaller particles are internalized 
by passive transport into cells. Zhang et al. [26] asserted that larger 
particles can be more easily enveloped by the cell membrane, however, 
it is a slower and more costly mechanism than passive transport. This 
difference may be attributed to the results obtained in this study, spe
cifically that the lower internalization of PS-NPs was caused by an in
crease in size due to the adsorption of PHE on their surface [14].

4.2. Antagonistic and synergistic effects between PHE and PS-NPs in 
zebrafish larvae

In contrast to the findings in cell lines, zebrafish larvae exhibited 
decreased viability when PHE was exposed in combination with PS-NPs 
(Fig. 4). Since the concentrations of PS-NPs used in this work are not 
potentially toxic, the decrease in viability is due to the entry of PHE or to 
a synergic effect. Using fluorescent based-methodologies, we observed 
less internalization of PS-NPs in the presence of PHE (Fig. 5), possibly 
due to the increased hydrodynamic size of PS-NPs due to PHE adsorp
tion, as demonstrated by Narayaman et al. [14], which could hinder 
their internalization. This might suggest that less PHE was internalized 
in larvae due to its adsorption to PS-NPs. However, a higher concen
tration of PHE was detected inside the larvae when PS-NPs were present 
in the medium (Fig. 5c). Therefore, although the observed increase in 
concentration is not very significant, and therefore not decisive to show 
an effect on toxicity, a ‘Trojan horse effect’ is being observed where the 
internalizing PS-NPs promote the entry of PHE. Ma et al. showed an 
additive effect on toxicity when co-exposing 50 nm NPs and phenan
threne in Daphia magna and the bioaccumulation of phenanthrene me
tabolites was significantly increased [63]. Xu et al. studied the 
internalisation of PHE (0.2 mg⋅L− 1) and PS-MPs (3 mg⋅L− 1) over time in 
adult zebrafish and observed a synergistic effect, increasing the bio
accumulation of both [64]. The same authors co-exposed PS-NPs 
(80 nm, 5 mg⋅L− 1) and PHE (0.1 mg⋅L− 1) and they also observed a more 
negative effect on zebrafish embryo morphology and mortality, but only 

Fig. 5. Uptake of PS-NPs in the presence of PHE in zebrafish larvae. (a) Representative images of PS-NPs bioaccumulation. Animals were co-exposed to 5 mg/L of PS- 
NPs plus PHE for 48 h at 3 dpf. (b) Quantification of the Mean Fluorescence Intensity (MFI) in the zebrafish larvae. Bioaccumulation of PS-NPs was estimated at 5 dpf 
in the whole larvae. (c) PHE larvae concentration (Clarvae) and estimated BCF (Clarvae/Cexposure) 24 h after exposure. Images were analysed with ImageJ and the 
measured fluorescence was normalized to the larvae area. Statistical differences between treatments were analysed by unpair non-parametric Kolmogorov-Smirnov 
test Significance levels *p < 0.05. n.d.: not detected.
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from the time the embryos opened their mouths [65].
In contrast to previous reports, we observed antagonistic effects on 

PS-NPs accumulation in the presence of PHE and on toxicity in the 
presence of PS-NPs, despite a synergistic effect on PHE accumulation. 
One potential factor influencing these outcomes is the different state of 
PHE in the two scenarios. Although the total concentration of PHE inside 
the larvae was higher in the presence of PS-NPs, the free concentration 
of PHE was lower both in the medium and in the larvae [25]. This free 
concentration may be the primary cause of the observed toxic effect. 
Furthermore, free PHE enters faster and easier by passive diffusion [66]
compared to the PHE adsorbed by PS-NPs, as observed in fluorescence. 
Other studies in literature also report antagonistic effects. Trevisan et al. 
[25] suggested that exposure to NPs together with mixed PAHs could 
activate defence mechanisms that reduce toxicity. Similarly, other 
studies have reported an antagonistic effect on toxicity [53] and a 
“cleaning effect” where cleaner or less contaminated MNPs can mitigate 
the effects of POPs [67,68].

5. Conclusions

The interaction between PS-NPs and PHE is highly complex, with 
ecotoxicological effects varying across cell and tissue type. Our data 
show that the combined presence of PS-NPs and PHE induces distinct 
cellular responses which widely differ across biological systems. These 
effects include differences in uptake, metabolic activity and toxicity 
response. The lower uptake of PS-NPs in the presence of PHE in intes
tinal cells and zebrafish larvae, contrasting with higher uptake in liver 
cells, suggests a tissue-specific uptake mechanism of these co-pollutants. 
Moreover, the lower toxicity of PHE in the presence of PS-NPs in 
zebrafish larvae raises the possibility that PS-NPs may modulate the 
bioavailability and thus toxicity of organic pollutants. The high levels of 
PHE metabolites detected in liver cells further indicate that PS-NPs may 
alter the xenobiotics metabolism, which could have significant impli
cations for bioaccumulation and long-term toxicity in living organisms.

We hypothesize that NPs can adsorb contaminants, potentially 
reducing their uptake due to particle agglomeration. This underscores 
the necessity to consider the combined effects of multiple contaminants 
in ecological risk assessments, as single contaminant studies may un
derestimate the hazards posed by complex environmental mixtures. 
Furthermore, the differential cellular and tissue responses to PS-NPs and 
PHE exposure highlight the need for targeted research to better under
stand the mechanisms driving these interactions. Our findings provide 
an important basis for future investigation aimed at elucidating the long- 
term ecological consequences of co-pollutant interaction.

Environmental implications

Nanoplastics have a significant environmental impact, but they 
rarely occur isolated; they interact with coexisting pollutants, which can 
amplify ecological and toxicological effects. Some studies have already 
shown that nanoplastics act as carriers of toxic compounds, but con
tradictions remain about their effects and mechanisms of action remain 
unclear. This work examines co-exposure using different aquatic models 
to analyze organ- and organism-specific impacts. The goal is to better 
understand their behavior in the environment and provide information 
for developing more effective strategies to protect human health, or
ganisms, and ecosystems and its long-term consequences.
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